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A B S T R A C T

The spatial structure of the fish diversity and site-scale and landscape-scale environmental effects were in-
vestigated across hierarchical levels in tropical coastal ecosystems. Total diversity (γ) was hierarchically parti-
tioned into α and β components using both the additive and multiplicative methods. A model selection based on
the AICc was applied to generalized linear mixed models relating diversity measures to environmental variables
and including random effects for hierarchical levels and season. Short-term seasonal effects were negligible.
Spatial effects were more relevant at the site level and negligible at the subregion level, due to the high spatial
heterogeneity and the natural pooling of ecosystems, respectively. Site-scale environmental effects were more
relevant at the subregion level, with eutrophic conditions (continental influence) favoring the species richness (α
and γ) and higher absence of species (βA) in oligotrophic conditions (marine influence). At the system level, the
positive effect of the distance from the ocean on γ and higher βA in oligotrophic conditions reinforced the
positive continental influence on fish diversity. Environmental homogenization processes were most likely as-
sociated with the negative effect of the pasture cover on α at the system level, and γ and βA at the site level. The
negative effect of the forest cover on the later diversity measure evidenced its relevance to maintain richer but
more similar assemblages, whereas the positive continental influence was most likely due to the loss of steno-
haline marine species. This study evidenced that disentangling spatial, land use, and marine vs. continental
effects on diversity components is critical to understand the primary determinants of the fish diversity in tropical
coastal ecosystems.

1. Introduction

Coastal ecosystems provide critical natural services, including food
provision, coastal protection, ocean nourishment, life cycle main-
tenance for aquatic populations, and recreation and tourism (Liquete
et al., 2013). There are substantial evidences that the delivery of eco-
system services is strongly dependent of the biodiversity, which makes
coastal ecosystems key areas for global-level biodiversity conservation
(Cardinale et al., 2012; Annis et al., 2017). Marine ecosystems world-
wide have been long affected by increasing cumulative human impacts,
with recent increases more expressive in tropical and subtropical
coastal regions, especially in countries with greater growth of coastal
population (Halpern et al., 2015). The deleterious impacts of humans
on marine organisms, leading to major changes in food webs and eco-
system functioning, are largely recognized (McCauley et al., 2015). In
this sense, the increasingly threats to the mega-diverse fish fauna of
South America due to land use changes and urbanization (Reis et al.,

2016) make fish species inhabiting coastal areas primary components of
that scenario. Therefore, understanding the major environmental de-
terminants of the fish diversity patterns is necessary to set priorities
regarding the management of human activities that affect such areas.

Diversity patterns are frequently spatially structured as a result of
stochastic processes, historical contingencies, and contemporary factors
in broader scales that influence the species ranges and ultimately the
regional pool of species (Wang et al., 2015; Reis et al., 2016; Araujo
et al., 2018). Local environmental conditions are deemed to select
species for assemblages from the regional pool, which is restricted by
factors at larger spatial scales (Ricklefs, 1987; Vilar et al., 2013).
Therefore, the diversity patterns are a result of the balance between
processes acting in multiple and hierarchical spatial and temporal
scales (Ricklefs, 2004). That balance is represented by marine and
continental influences in coastal ecosystems, since they constitute
transitional environments between the ocean, land, and river basins
(Pérez-Ruzafa et al., 2011). The relative importance of continental and
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marine influences depends on the type of coastal ecosystem, primarily
as a result of the degree of isolation from the ocean and the freshwater
inflow (Azevedo et al., 2017; Camara et al., 2018). A better under-
standing of the fish diversity patterns in coastal ecosystems, therefore,
depends on disentangling the hierarchical structure of continental and
marine environmental effects across different spatial scales.

Species richness, herein representing the number of species per
sampling unit, is frequently used as a surrogate for diversity in studies
considering large geographical areas (e.g., Tittensor et al., 2010; Huang
et al., 2017) and multiple spatial scales (e.g., Francisco-Ramos and
Arias-Gonzáles, 2013; Pasquaud et al., 2015). Despite the limited re-
presentation of the complexity inherent to natural assemblages, several
studies rely on the species richness because it is a fundamental com-
ponent of the diversity and a more easily obtained measure for large
scales than diversity measures based on the relative abundance of
species (Wilsey et al., 2005). The partitioning of the total diversity
(gamma; γ) into alpha (α) and beta (β) components has been increas-
ingly used to quantify patterns across hierarchical spatial scales (e.g.,
Francisco-Ramos and Arias-Gonzáles, 2013; Valencia-Méndez et al.,
2018). A better understanding of spatially-structured diversity patterns
may be achieved by accessing the relative contributions of the α (e.g.,
the species richness within sites) and β (e.g., the difference in the spe-
cies richness between sites) components across hierarchical levels
(Zhang et al., 2014; Valencia-Méndez et al., 2018). The diversity par-
titioning may be additive, with β expressing the number of species
absent from a hierarchical level, or multiplicative, with β expressing the
number of distinct assemblages at a hierarchical level (Crist et al., 2003;
Jost, 2007). Both methods of diversity partitioning are relevant to in-
vestigate diversity patterns across different spatial scales because they
emphasize different properties of species data (Anderson et al., 2011).

Other relevant point regarding investigations based on multiple
spatial scales is that they must rely on statistical methods that explicitly
account for the spatial structure of environmental data, disentangling
spatial and environmental effects (Fortin et al., 2012). Generalized
linear mixed models (GLMMs) can control the spatial and/or temporal
dependence of data using random effects, producing more accurate
estimates of the species-environment relationships (Gelman and Hill,
2007). In addition, GLMMs are flexible methods to analyze non-normal
data, overcoming common problems, such as pseudo-replication and
heteroscedastic variance, by allowing for random effects and response
variables from different distributions (Bolker et al., 2009). Con-
currently, model selection approaches based on the information theory
are useful alternatives for the traditional hypothesis-testing approaches,
which often perform poorly for observational studies (Burnham and
Anderson, 2002). The information-theoretic approach is focused on the
selection of a best model or several parsimonious models given the data
and the set of a priori models representing the scientific hypotheses of
interest (Burnham and Anderson, 2002). That is a different paradigm
than the search of a true model based on the acceptance or rejection of
null hypotheses by statistical tests and significance levels (Burnham and
Anderson, 2001). Information-theoretic approaches are, therefore,
more effective and informative methods for statistical inferences in
ecological studies, in which multiple relative effects are usually ob-
served (Burnham and Anderson, 2001). Therefore, the investigation of
multi-scale environmental effects on fish diversity patterns in coastal
ecosystems may strongly benefit from the use of GLMMs and informa-
tion-theoretic approaches.

This study evaluated multi-scale environmental effects on diversity
patterns of fish assemblages in different types of coastal ecosystems (i.e.
coastal lagoons, bays, and oceanic beaches) of the Southeastern Brazil.
These three types of coastal ecosystems have different environmental
conditions and degrees of connectivity with marine waters: (1) oceanic
beaches are entirely connected with marine waters and have more
habitat homogeneity, stable salinities and high physical dynamism due
to wave exposure; (2) bays are partially connected with marine waters
and have greater habitat diversity, slight salinity gradients and great

tidal influences; and (3) coastal lagoons have limited connections with
marine waters, suitable conditions for trapping matter and energy, thus
increasing productivity, stable salinity gradients, and well-protected
conditions. Despite the expressive local environmental differences,
these coastal ecosystems share several biogeographical and physio-
graphical features, and large-scale environmental conditions (Petry
et al., 2016; Araújo et al., 2018). Therefore, environmental and di-
versity patterns are most likely spatially structured and scale-depen-
dent.

We accessed the relative effects of environmental variables mea-
sured at site and landscape scales on the diversity patterns at four
hierarchical spatial scales, herein named site, system, subregion, and
region levels. Gamma diversity was partitioned into α and β compo-
nents across the four hierarchical levels to better investigate the me-
chanisms determining the diversity patterns. The relationships between
the diversity measures and environmental variables were modeled by
GLMMs, including the hierarchical level as a random effect. We hy-
pothesized that due to mechanisms associated with environmental fil-
ters and the degree of isolation: (i) the site-scale environmental con-
ditions are most likely more relevant to determine the diversity patterns
at the site level and the land use at the higher hierarchical levels; and
(ii) increasing isolation most likely determine decreases in the α com-
ponent and increases in the β component at all hierarchical levels.
Following these scientific hypotheses and using a model selection ap-
proach based on the information theory, this study look forward to
select parsimonious models as a basis for statistical inferences regarding
the primary determinants of the fish diversity patterns in tropical
coastal ecosystems.

2. Materials and methods

2.1. Study area

The study area comprises different coastal ecosystems located along
the coast of the Rio de Janeiro State, Southeastern Brazil (Fig. 1a).
Climate is tropical, with annual mean temperature of 22 °C and annual
total rainfall ranging from 1000 to 1600mm (Alvares et al., 2013).
Rainfall is primarily concentrated from October to March (wet season)
compared with April to September (dry season) (Alvares et al., 2013).
The coastal ecosystems present several environmental differences,
mainly as a result of the different degrees of connection with the ocean,
continental influence, and human activities (Azevedo et al., 2017;
Franco et al., 2019).

Each type of ecosystem is located at a different subregion, creating
natural hierarchical levels (Fig. 1a), as follows: one subregion com-
prises large bays, represented by two bay ecosystems, the Ilha Grande
bay, with three sites (IL1, IL2, and IL3), and the Sepetiba bay, with two
sites (SE1 and SE2) (Fig. 1b); other subregion comprises coastal lagoons
with permanent connections with the ocean and minimum freshwater
input (Franco et al., 2019), represented by three coastal lagoon eco-
systems with two sites each, the Maricá lagoon (MA1 and MA2), the
Araruama lagoon (AR1 and AR2), and the Saquarema lagoon (SA1 and
AR2) (Fig. 1c); and a third subregion comprises oceanic beaches, re-
presented by four beaches with one site each, the Barra de São João
beach (BB), the Rio das Ostras beach (RB), the Macaé beach (MB), and
the Quissamã beach (QB) (Fig. 1d).

2.2. Fish sampling

Fish sampling was performed during the 2011 dry season and 2012
wet season across the geographical range encompassed by the study
(± 400 km). A total of 72 samples were obtained at the sampling lo-
cations (Fig. 2), as follows: 36 samples in coastal lagoons (3 sampling
locations x 2 sites x 2 seasons x 3 coastal lagoons); 16 samples in
oceanic beaches (2 sampling locations x 1 site x 2 seasons x 4 oceanic
beaches); and 20 samples in bays, 12 in the Ilha Grande bay (2 sampling
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locations x 3 sites x 2 seasons) and 8 in the Sepetiba Bay (2 sampling
locations x 2 sites x 2 seasons). The unbalanced sampling design aimed
to properly consider the environmental heterogeneity intrinsic to each
type of ecosystem.

Our study was focused on nearshore fish assemblages inhabiting
shallow and semi-enclosed areas in unconsolidated substrate. For that
reason, fishes were collected with a beach seine (12×2.5m; 5-mm
mesh size) set parallel to the shore at approximately 1.5-m depth,
dragging perpendicular to the shore (30-m long) for about 15min and
covering a swept area of approximately 300m2. A total of 8 replicates
were performed at each site per season, 2–3 replicates per sampling
location in coastal lagoons and 4 replicates per sampling location in
bays and oceanic beaches. The collected fishes were fixed in 10% for-
malin, and after 48 h, preserved in 70% ethanol. All fishes were iden-
tified at the species level, and vouchers specimens were deposited in the
Ichthyological Collection of the Laboratório de Ecologia de Peixes of the
Universidade Federal Rural do Rio de Janeiro. Given the unbalanced
sampling design, with different numbers of sampling locations per site
and sites per system, and the unequal number of replicates per sampling
location in coastal lagoons, estimates of the diversity patterns were
corrected by the sampling effort, as described in the “2.3. Diversity
measures” subsection.

2.3. Diversity measures

The diversity patterns were investigated at four hierarchical levels,
with the respective samples pooled as follows: (1) site level, with 15

sites per season (Fig. 1b–d); (2) system level, including the five original
coastal lagoon and bay ecosystems and the four oceanic beaches
(pooled within two different systems), totaling seven systems per
season (Fig. 1b–c); (3) subregion level, the three types of ecosystem (i.e.
coastal lagoon, bay, and oceanic beach) in each season (Fig. 1a); and (4)
region level, the entire study area in each season (Fig. 1a). As each
oceanic beach was represented by a single site, the four oceanic beaches
were pooled within the system level as follows: one system comprised
BB and RB, which are separated by a distance of about 8 km and located
in highly urbanized areas; the other system comprised MB and QB,
which are closer from a conservation area with several coastal lagoons
presenting expressive freshwater inputs, and temporary and sporadic
connections with the sea (Di Dario et al., 2013), despite subjected to
different urbanization pressures and 70 km from each other (Fig. 1d).

The species richness was used as a surrogate for diversity because it
is less sensible to possible differences in the sampling efficiency be-
tween different types of ecosystem than diversity measures including
the species abundance, and to favor comparisons with studies devel-
oped in different spatial scales that frequently rely on that measure. For
each season (wet; dry), rarefaction curves based on the number of
species per number of individuals were used to evaluate if the observed
species richness was representative of species pool in the study area.
This method avoids possible underestimates of the species richness as a
result of the spatial or temporal autocorrelation causing the non-
random occurrence of species among samples (Gotelli and Colwell,
2001). According to individual-based rarefaction curves, the regional
pool of species was effectively estimated for both the dry and wet

Fig. 1. Location of the (a) coastal ecosystems (bays, coastal lagoons, and oceanic beaches) within the study area in Rio de Janeiro State. Location of the sites within
the (b) bay ecosystems (Ilha Grande Bay and Sepetiba Bay), (c) coastal lagoon ecosystems (Maricá Lagoon, Saquarema Lagoon, and Araruama Lagoon), and oceanic
beach ecosystems (Barra de São João, Rio das Ostras, Macaé, and Quissamã).
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seasons, with no relevant seasonal differences (Fig. 3). For both seasons,
despite the species richness is still increasing, the curve is relatively
near from reach an asymptote and the slight increase most likely re-
flects the environmental instability in oceanic beaches, where the fish
assemblages are more susceptible to the effects of tides, waves, and
oceanic currents. The rarefaction curves representing the expected
species richness in random re-samplings of all individuals collected in
the study area were based on Hurlbert's (1971) formulation and per-
formed in the R environment (version 3.5.2; R Core Team, 2018), using
the vegan package (version 2.5–3; Oksanen et al., 2018).

For each hierarchical level and season, the gamma diversity (γ) was
partitioned into (α) alpha and beta components (Zhang et al., 2014).
The α component for a sample in a given hierarchical level was cal-
culated as the sum of the number of species times the number of re-
plicates in each sampling unit (from the immediately inferior hier-
archical level) pooled within the sample divided by the sum of the
replicates. Therefore, the α component represented the weighted mean
number of species per sampling location within a site (α site), per site
within a system (α sys), per system within a subregion (α sub) or per
subregion within the region (α reg). For each hierarchical level, the β
component was calculated based on the additive and multiplicative
methods of diversity partitioning (Crist et al., 2003; Jost, 2007). In both
cases, the γ diversity at the region level (γ reg) was considered as the
species richness of all samples pooled in the study area per season.

In the additive partitioning, the γ diversity at a given hierarchical
level was considered as the α component at the immediately superior
level. Therefore, the α sys corresponds to the γ diversity at the site level
(γ site), the α sub corresponds to the γ diversity at the system level (γ sys),
and the α reg corresponds to the γ diversity at the subregion level (γ sub).
The β component was calculated as the mean number of species absent
from a random sampling location within a site (βA site), a random site
within a system (βA sys), a random system within a subregion (βA sub) or
a random subregion within the region (βA reg), as follows:

βA reg= γ reg – α reg

and

βA level = α level+1 – α level

In the multiplicative partitioning, the γ diversity was considered as
the total species richness at a site (γ site), system (γ sys), and subregion (γ
sub). The β component was calculated as the number of assemblages
that do not share species within a site (βM site), system (βM sys), sub-
region (βM sub), and region (βM reg), as follows:

ΒM
level = γ level / α level

2.4. Environmental measures

The environmental measures, herein considered as the variables
representative of the physical and chemical conditions at the site scale
and the types of land use and vegetal cover, the marine influence, and
the availability of estuarine habitats at the landscape scale, were chosen
based on their relevance for assemblages of coastal fishes according to
studies encompassing the same or similar ecosystems and comparable
spatial and temporal scales at the study area (e.g., Franco et al., 2019),
in broader regions (e.g., Araújo et al., 2018), and worldwide
(e.g.,Teichert et al., 2018). The validity of the spot measures at the site
scale is supported by the spatial and temporal replication of the sam-
pling design and the effectiveness of the statistical approach to avoid
the occurrence of spurious relationships, as described in the “2.5. Data
analysis” subsection.

2.4.1. Site-scale variables
Environmental measurements of water quality and sediment were

recorded concurrently with the fish sampling (Fig. 2). Variables re-
presentative of water quality included temperature (degree C), salinity,
turbidity (Nephelometric Turbidity Units – NTU), and transparency
(cm). Temperature, salinity, and turbidity were taken with a Horiba U-
50 multiprobe (Horiba Trading Co. Ltd., Shanghai) immersed ap-
proximately 0.5 m under the water surface. The transparency was
measured with a Secchi disk.

Sediment measurements included granulometric parameters and
nutrient concentrations. For the granulometric and nutrient analysis,
sediment samples were collected using a PVC corer (10 cm in diameter
and 50 cm in length) in a collecting area of 0.00785m2 at a depth of

Fig. 2. Conceptual illustration representing the categories of environmental
variables measured at the site and landscape scales in the different types of
coastal ecosystems. Site-scale environmental variables and isolation measure-
ments were obtained at three sampling locations (L1, L2, and L3) in the (a)
coastal lagoons, and at two sampling locations (L1 and L2) in (b) bays and (c)
oceanic beaches. For each site, land use metrics were obtained within a 200-m
radius buffer (grey semi-circle) at each sampling location, totaling three mea-
sures per coastal lagoon and two measures per bay or coastal lagoon.

Fig. 3. Individual-based rarefaction curves representing the expected species
richness in random re-samplings of all individuals collected in the study area
per season. Dashed and solid lines represent the samples obtained during the
dry and wet seasons, respectively.
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15 cm using 4 replicates. The collected sediment was weighed (preci-
sion of 0.01 g) and dried at 80 °C in a stove. A portion of the sediment
(300 g) was used in the granulometric analyses, and another part
(150 g) was used in the nutrient analyses. The granulometric para-
meters were calculated according to Folk and Ward (1957) and classi-
fied according to Shepard (1954). The mean granule size was de-
termined from each granulometric fraction weight retained in each
sieve using the software SysGran 3.0 (Camargo, 2006). The silt and clay
fractions were grouped together. We considered as coarse substrate (%)
the sum of gravel, very coarse sand, and coarse sand, and as fine sub-
strate (%) the sum of medium sand, fine sand, very fine sand and
clay + silt.

The concentrations of the following nutrients in the sediment were
analyzed: organic carbon (g. kg−1), total nitrogen (%) and total phos-
phorus (mg. dm−3). The concentration of organic carbon was de-
termined using the method of Walkley and Black (1934). The organic
carbon was measured by the oxidation of wet organic matter with po-
tassium dichromate in sulfuric acid medium, employing the heat given
off from the sulfuric acid and/or applied heat as the energy source. The
excess dichromate after oxidation was titrated with a standard solution
of ammoniacal ferrous sulfate (Mohr salt). The concentration of total
nitrogen in the sediment was determined using the Kjeldahl nitrogen
method with a diffusion camera. The total nitrogen was converted to
ammonium sulfate by oxidation with a mixture of CuSO4, H2SO4 and
Na2SO4 or K2SO4 (mineralization). Later, in alkaline medium, the am-
monium sulfate converted from the organic matter released ammonia,
which was complexed in a boric acid solution containing a mixed in-
dicator in a diffusion chamber and was finally determined using
acidimetry (H2SO4 or HCl). The concentration of total phosphorus was
determined using a spectrophotometer after digestion with HNO3–HCl
(3:1, V/V) at 200 °C. The solubilization of the mineral and organic
phosphate forms was conducted using 1:1 H2SO4 (Bowman, 1988). The
phosphorus contained in the sulfuric extract represented the total
concentration of this element.

The mean values of the environmental variables obtained at each
sampling location were calculated for each site.

2.4.2. Landscape-scale variables
Landscape-scale variables representative of land use and isolation

were obtained for each site (Fig. 2) from vectorial layers of hydro-
graphy (1:50,000 scale; Instituto Brasileiro de Geografia e Estatística)
and land use (1:100,000 scale; 2010 Landsat sensor multispectral
images; Instituto Estadual do Ambiente do Estado do Rio de Janeiro)
using a geographic information system (ArcGIS v. 10.2; ESRI, 2013).

To better estimate the land use metrics, as 200m corresponds to the
shorter distance between two sampling locations within a same site, a
200-m radius buffer was defined for each sampling location within a
site per season. For each site, the land use metrics (forest cover, FC;
pasture cover, PC; and human settlements, HS) were obtained as the
total area (km2) within all 200-m radius buffers (two buffers per site in
bays and oceanic beaches, and three buffers per site in coastal lagoons;
Fig. 2). Land use metrics were then calculated as percentages of the
total buffer area at each site. The land use metrics were calculated as
the mean values for the system, subregion, and region levels (Table 1).

The isolation measurements were also obtained for each sampling
location within each site per season (Fig. 2). The distance from the
ocean (DO; km) corresponds to the mean distance of each site from the
ocean. Estuaries closer than 5 km (ES) corresponds to the total number
of estuaries located within 5 km of distance from each site. The distance
of 5 km was considered because it corresponds to approximately half of
the shorter distance between two sites. The mean values of DO were
calculated for the system, subregion, and region levels, whereas the
sum of the values of ES was calculated for each hierarchical level
(Table 1).

2.5. Data analysis

A principal component analysis (PCA) was performed with the
water quality variables and substrate measurements, in order to ac-
count for the multicollineatity and reduce the number of variables by
summarizing the predominant patterns of original data in new latent
variables. The PCA was based on a correlation matrix of the centered
and standardized data (Legendre and Legendre, 2012). The most re-
levant axes to explain the environmental variance were selected based
on the broken-stick criterion (Peres-Neto et al., 2003), and used as la-
tent environmental variables. Considering that the squares of all load-
ings for the original variables in an individual principal component sum
to one, the variables that most contributed for the explained variance
were considered as those with loadings larger than the hypothetical
equal contribution of all variables (i.e. the square root of 1 divided by 9
variables; r= 0.33). For the system, subregion, and region levels, the
latent environmental variables were calculated as the mean values of
the scores. The same procedure was not applied to the landscape-scale
variables because the land use metrics and isolation measurements in-
clude few and informative metrics. However, all environmental vari-
ables were tested for multicollineatity before included in the models, as
described later.

Generalized linear mixed models (GLMMs) were used to investigate
the effects of site-scale variables (PCA axes representing latent en-
vironmental variables) and landscape-scale variables (land use metrics,
FC, PC, and HS; and isolation measurements, DO and ES) on the γ di-
versity and α and β components at three hierarchical levels (site,
system, and subregion). The environmental effects were not in-
vestigated for the region level due to the reduced number of samples.
The hierarchical level and the season (dry; wet) were included as
random effects to control for the possible effects of the spatial depen-
dence and temporal variability on the residual variance, respectively
(Gelman and Hill, 2007; Bolker et al., 2009). Site was included as
random effect in the site-based models, whereas system was included as
random effect in the system-based models, and subregion was included
as random effect in the subregion-based models. Therefore, the effects
of the sampling units were removed from the species-environment re-
lationships, and the samples from different seasons obtained at same
sampling units were considered as independent samples. In all models,
the diversity values were included as Poisson variables, since the
Poisson distribution is appropriate for count data, with a log link
function that makes the expected response linear and the expected
variance homogeneous (Gelman and Hill, 2007; Bolker et al., 2009).

In order to avoid multicollinearity between the predictor variables,
for each hierarchical level and diversity measure, the variance inflation
factor (VIF) was calculated for each predictor variable in the full model.
Generalized linear models (GLMs) were used for the variable selection,
with the full models including all predictor variables as fixed effects
(Gelman and Hill, 2007). For the subregion level, the full models did
not include all predictor variables because of the reduced degrees of
freedom. In this case, the variable selection was first based on full
models including only one type of variable (i.e. site-scale environmental
conditions, land use metrics or distance measurements). In a second
step, the variable selection was based on full models including all the
remaining variables. Following the approach suggested by Zuur et al.
(2010), the variable with highest VIF was removed from the full model
and the procedure was repeated until no variable present VIF > 4.
After removing variables with highest multicollinearity, almost all
variables presented VIF<2. These procedures resulted in different
types and/or numbers of predictor variables in the final full models for
the different diversity measures and/or hierarchical levels.

For each hierarchical level and diversity measure, GLMMs with all
possible combinations of the remaining predictor variables in the full
models were run. Therefore, for each hierarchical level and diversity
measure the candidate models were subsets of the full models. All
models, including null models with no fixed effect, included the
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hierarchical level as a random effect. Other models with the same fixed
effects and random effects for the hierarchical levels also included the
season as a random effect, in order to evaluate its influence on the
models fitting. The pseudo-R2 for GLMMs was calculated to express the
variance explained by the fixed effects (marginal R2, marg. R2) and the
entire model, including both fixed and random effects (conditional R2,
cond. R2) (Nakagawa and Schielzeth, 2013; Johnson, 2014). A model
selection based on the information theory was applied to compare the
fitted models and identify the best-supported models (Burnham and
Anderson, 2002). We did not exclude the candidate models with neg-
ligible values of pseudo-R2 because the model selection was focused on
evaluating the performance of each model compared with the data set
included in the full model.

The model selection was based on the corrected Akaike information
criterion (AICc), which correct for the bias resulting from small sample
sizes (Burnham and Anderson, 2002). The best model is the one with
lower AICc (i.e. with less information loss and simpler structure) be-
cause adding more variables to improve the goodness of fit of a model
(i.e. its likelihood) is penalized by the increasing number of parameters,
which discourages overfitting (Burnham and Anderson, 2002). Models
were ranked according the AICc weight (wi) that represents the prob-
ability that the model is the best between the set of candidate models,
i.e the relative likelihood of the model (Wagenmakers and Farrel,
2004). The ΔAICc is the difference between the lowest AICc and the
AICc of the model, and represents the probability that the model
minimizes the information loss (Burnham and Anderson, 2002;
Wagenmakers and Farrel, 2004). All models with ΔAICc< 2 were
considered with substantial support for interpretation (Burnham and
Anderson, 2002).

A model averaging approach was applied when more than one
model was selected to explain a given diversity measure at given
hierarchical level. This procedure combined inferences across the se-
lected models by calculating model-averaged parameter estimates and
the associated confidence intervals (Burnham and Anderson, 2002).
The model averaging approach estimated the strength of the environ-
mental effects based on their contributions for average model. We used
85% confidence intervals because the model selection using the AICc
supports additional variables over a null model at this level (Arnold,
2010). Therefore, a parameter was considered to be informative if the
85% confidence interval did not overlap 0. The relative variable im-
portance (RVI) for the parameter estimates in the average model was
also calculated by summing the wi of the selected models (i.e. calcu-
lated again without the other candidate models) including the predictor
variable (Burnham and Anderson, 2002).

For all models, the predictor variables were centered and standar-
dized (Legendre and Legendre, 2012). All analyses were performed in

the R environment (version 3.5.2; R Core Team, 2018), with the
packages vegan (version 2.5–3; Oksanen et al., 2018), car (version
3.0–2; Fox and Weisberg, 2011), lme4 (version 1.1–19; Bates et al.,
2015), AICcmodavg (version 2.1–1; Mazerolle, 2017), and MuMIn
(version 1.42.1, Barton, 2018).

3. Results

3.1. Site- and landscape-scale environmental effects

In the PCA performed with the water quality variables and substrate
measurements, the first and second axes explained 55% of the en-
vironmental variance (Fig. 4), and were selected to be used as latent
environmental variables (E1 and E2). The latent environmental variable
E1 expressed primarily the gradient of sediment measurements, with
negative scores associated with coarser substrates and positive scores

Table 1
Site-scale and landscape-scale environmental variables included in the generalized linear mixed models. Code, median, lower and upper quartiles of the samples
obtained during the dry and wet seasons for each hierarchical level (site, system, subregion, and region).

Variable Code Site System Subregion Region

Median Quartiles Median Quartiles Median Quartiles Median Quartiles

Lower Upper Lower Upper Lower Upper Lower Upper

Site scale
Environmental conditions

Principal component 1 E1 0.06 −1.26 0.95 0.14 −1.12 0.47 −0.16 −0.60 0.38 −0.15 −0.32 0.01
Principal component 2 E2 −0.23 −1.19 1.01 −0.11 −0.78 0.82 −0.46 −0.65 0.24 −0.10 −0.25 0.04

Landscape scale
Land use metrics

Forest cover (%) FC 7 0 50 9 2 26 13 12 39 23 22 24
Pasture cover (%) PC 11 0 22 11 7 14 11 10 18 14 13 14
Human settlement (%) HS 33 0 47 25 18 60 36 28 43 35 35 36

Distance measurements
Distance from the ocean (km) DO 15.6 0.5 33.7 13.4 1.4 30.1 16.3 4.1 30.7 17.3 17.3 17.3
Estuaries closer than 5 km ES 1 1 5 2 0 11 6 5 28 39 39 39

Fig. 4. Principal component analysis ordination based on site-scale environ-
mental measures of salinity (SA), transparency (TR), total nitrogen (TN), total
phosphorous (TP), temperature (TE), turbidity (TU), organic carbon (OC),
coarse substrate (CS), and fine substrate (FS) obtained in coastal lagoons (cir-
cles), bays (triangles), and oceanic beaches (squares) during the dry season
(empty symbols) and wet season (filled symbols). Only variables that most
explained the variance in each axis (r > 0.33) are shown and the arrow lengths
correspond to the strength of the correlation of the variables with the axes.
Solid and dashed lines indicate the variables most relevant in the first and
second axes, respectively.
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with finer substrates and higher concentrations of total phosphorous
(Fig. 4). The latent environmental variable E2 expressed primarily the
gradient of water quality, with positive scores associated with higher
turbidity, temperature, and concentrations of organic carbon, and ne-
gative scores associated with higher transparency (Fig. 4).

The latent environmental variables E1 and E2 were calculated as the
mean values of the scores for the system, subregion, and region levels
(Table 1). The coastal lagoons were primarily associated with the po-
sitive scores of E1 and E2, whereas oceanic beaches were primarily
associated with the negative scores of E1 and E2 (Fig. 4). The bays, in
turn, were primarily associated with intermediate to positive values of
E1, and intermediate to negative scores of E2 (Fig. 4). For all cases, the
seasonal effects were not expressive.

The variable selection applied to the site- and landscape-scale
variables resulted in final full models with six predictor variables at the
site level, four to five at the system level, and three at the subregion
level. At the site level, E1, E2, PC, HS, DO, and ES were included in the
full model for the α and βM components, and the measures of γ diversity
considered in both methods of partitioning (i.e. additive and multi-
plicative), whereas E1, E2, FC, PC, DO, and ES were included in the full
model for the βA component. At the system level, E1, E2, FC, PC, and
DO were included in the full model for the α component, E1, E2, PC,
and DO were included in the full model for the βA component, and E1,
E2, HS, and DO were included in the full model for the βM component
and both measures of γ diversity. At the subregion level, E1, E2, and FC
were included in the full models for all diversity measures. For each
diversity measure and hierarchical level, the smaller models were
subsets of the aforementioned full models.

3.2. Hierarchical patterns of fish diversity

For all diversity measures, considering the samples within the same
hierarchical level, in general, a greater variation in the values was
observed during the wet season, but no differences were observed be-
tween samples of the dry and wet seasons (Fig. 5). Total diversity (γ)
increased across the hierarchical levels, especially from the subregion
to the region level (Fig. 5a–c). The α and βA components also increased
across the hierarchical levels, with more expressive increases from the
subregion to the region level (Fig. 5d–e). According to the values of the
βA component, more species were absent from assemblages at the
higher hierarchical levels compared with the lower hierarchical levels.

The βM component did not present expressive changes from the site to
the subregion level (Fig. 5f). A slight increase was observed from the
subregion to the region level, indicating that more assemblages do not
share species at the subregions within the region level compared with
the other hierarchical levels (Fig. 5f).

The γ diversity representing the mean richness varied more within
the system level, whereas the γ diversity values representing the total
species richness varied more within the site and subregion levels
(Fig. 5a–c). A slightly more expressive variation was also observed for
the values of α site and α sub compared with α sys and especially α reg,
indicating higher differences between the mean richness per sampling
locations within sites and per system within subregions (Fig. 5d). The
same trend was observed for values of the βA component, with the mean
number of absent species in assemblages varying more between sam-
pling locations within sites and systems within subregions compared
with the other levels (Fig. 5e). The higher variation in the values of βM
sys, in turn, indicated higher differences in the number of assemblages
that do not share species between sites (Fig. 5f). The βM site and βM sub

(during the wet season), also presented a more expressive variation
compared with βM reg, indicating lower differences in the number of
assemblages that do not share species between subregions within the
study area (Fig. 5f).

3.3. Spatial structure and seasonal variation of environmental effects

According to the model selection, in general, more than one model
was plausible to explain the diversity measures at the site and system
levels (ΔAICc < 2; Table 2). The season was included in selected
models for the subregion level, but its random effect on the residual
variance, as well as the random effect of the hierarchical level, was
negligible (marg. R2= cond. R2; Table 2). The random effect of the
hierarchical level, in turn, was more relevant in the selected models for
the site level, primarily on the residual variance associated with the
values of γ site represented by the total species richness within sites
(Table 2). The random effect of the system level was more expressive on
the residual variance of βA sys (Table 2).

Only the site effect was included in the best supported model to
explain the values of α site (AICc wi=0.18; cond. R2= 0.16; Table 2),
and in the other selected models the site effect was proportional to the
environmental effects (Table 2). The positive effect of E1, with higher
values of α site in finer substrates and higher concentrations of total

Fig. 5. Box-plots (median, lower and upper quartiles, and
minimum and maximum values) of the variation in the
values of the total diversity (γ) calculated as (a) the mean
species richness and (b, c) the species richness, and the
components (c) alpha (α), (d) additive beta (βA), and (e)
multiplicative beta (βM) at the site (Si), system (Sy),
subregion (SR), and region (R) levels. Different colors
represent samples from the dry (white) and wet (grey)
seasons.
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phosphorus, was slight and the parameter estimates overlapped zero
(Tables 2 and 3). The negative effect of PC was more expressive, but the
parameter estimates also overlapped zero (Tables 2 and 3). At the
system level, only one model was selected to explain the values of the α
component, with the negative effect of PC supported by the parameter
estimates (Table 3), and a negligible effect of the system (AICc
wi=0.30; marg. R2= 0.28; cond. R2= 0.28; Table 2). In the best
supported model for the subregion level, the α component was posi-
tively associated with E1, E2, and FC, with a negligible effect of the
hierarchical level (AICc wi=1; marg. R2= 0.24; cond. R2= 0.24;
Table 2). Higher values of α sub occurred in higher values of FC, finer
substrates, and higher concentrations of total phosphorus (Table 3). The
effect of E2, favoring α sub in higher concentrations of organic carbon,
turbidity, and temperature, and lower transparency, was slight and the
parameter estimates overlapped zero (Tables 2 and 3).

In the set of plausible models selected to explain βA site, the site
effect was more expressive in models with less parameters (marg.
R2 < cond. R2; Table 2), indicating that the random effects were most
likely related to the variables not included in the models. The βA site was
negatively associated with PC and FC, and positively E2 (Tables 2 and
3), all environmental effects were relevant in the average model ac-
cording to the parameter estimates (Table 3). Therefore, βA site de-
creased in higher values of PC and FC, whereas more species were

absent within sites with higher turbidity, temperature, and concentra-
tion of organic carbon, and lower transparency (Tables 2 and 3). The PC
followed by followed by FC were more relevant to explain the observed
patterns in the average model (RVI= 63 and 46, respectively; Table 3).

The best supported model to explain the βA component at the
system level included only the random effect of the hierarchical level
(AICc wi=0.28; cond. R2= 0.37; Table 2), which was also expressive
in the other selected model (marg. R2 < cond. R2; Table 2). The ne-
gative effect of E2 was supported by the parameter estimates, indicating
that less species were absent from assemblages in higher turbidity,
temperature, and concentration of organic carbon, and lower trans-
parency (marg. R2= 0.24; Tables 2 and 3). At the subregion level, the
only model selected to explain the values of βA sub included negative
effects of E1, E2, and FC, all supported by the parameter estimates
(AICc wi=1; marg. R2= 0.39; cond. R2= 0.39; Tables 2 and 3). Ac-
cording to that model, more species were absent from assemblages in
lower values of FC, coarser substrates, lower concentrations of total
phosphorous and organic carbon, lower turbidity and temperature, and
higher transparency (Table 3).

At the site and system levels, the values of the βM component were
not explained by the fixed effects and the random effects of the hier-
archical levels were negligible (cond. R2= 0.01; Table 2). According to
the best supported model for the subregion level, βM sub was positively

Table 2
Poisson regression models (generalized linear mixed models) for the relationships between the total diversity (gamma – γ) considered in the additive and multi-
plicative methods of partitioning and its components (alpha – α; additive beta – βA; and multiplicative beta – βM) and the site and landscape environmental variables
in each hierarchical level (site – Si; system – Sy; and subregion – SR). The different hierarchical levels and the season were random effects. Results are shown only for
models with the ΔAICc< 2. The best-supported model given the data set and the candidate models is in bold. Codes for environmental variables included as fixed
effects in Table 1.

Dependent variable Model Effects marg. R2 cond. R2 K LL AICc ΔAICc AICc wi

Fixed Random

Site
α m1 - Si - 0.16 2 −68.46 141.39 0.00 0.18

m2 E1 Si 0.07 0.15 3 −67.56 142.13 0.74 0.12
m3 PC Si 0.07 0.15 3 −67.72 142.44 1.05 0.11

Addive
βA m1 FC, PC Si 0.29 0.37 4 −59.83 129.40 0.00 0.11

m2 E2 Si 0.16 0.32 3 −61.37 129.73 0.33 0.09
m3 E2, FC, PC Si 0.40 0.40 −58.66 130.05 0.65 0.08
m4 PC Si 0.14 0.38 3 −61.66 130.31 0.91 0.07
m5 – Si – 0.36 2 −63.09 130.67 1.27 0.06

Γ m1 PC Si 0.19 0.19 3 −66.39 139.77 0.00 0.25
m2 E2, PC Si 0.24 0.24 4 −65.54 140.81 1.04 0.14

Multiplicative
βM m1 - Si - 0.01 2 −28.68 61.83 0.00 0.25
Γ m1 - Si - 0.44 2 −80.43 165.34 0.00 0.20

m2 E1 Si 0.08 0.40 3 −79.58 166.16 0.82 0.13
System
α m1 PC Sy 0.28 0.28 3 −32.53 73.46 0.00 0.30

Addive
βA m1 - Sy - 0.37 2 −33.55 72.19 0.00 0.28

m2 E2 Sy 0.24 0.38 3 −32.13 72.67 0.48 0.22
Γ m1 - Sy - 0.01 2 −36.28 77.65 0.00 0.36

m2 DO Sy 0.15 0.15 3 −35.13 78.66 1.01 0.22
Multiplicative
βM m1 – Sy – 0.01 2 −17.60 40.29 0.00 0.42
Γ m1 – Sy – 0.06 2 −39.00 83.10 0.00 0.28

m2 DO Sy 0.20 0.20 3 −37.48 83.36 0.26 0.25
Subregion
α m1 E1, E2, FC SR, S 0.24 0.24 6 −14.90 −42.19 0.00 1.00

Additive
βA m1 E1, E2, FC SR, S 0.39 0.39 6 −13.05 −45.89 0.00 1.00
γ m1 E1, E2, FC SR, S 0.01 0.01 6 −16.99 −40.04 0.00 1.00

Multiplicative
βM m1 E1, E2, FC SR, S 0.07 0.07 6 −7.49 −57.02 0.00 1.00
γ m1 E1, E2, FC SR, S 0.37 0.37 6 −16.01 −39.99 0.00 1.00

Marg. R2, marginal coefficient of determination representing the variance explained by fixed effects; cond. R2, conditional coefficient of determination representing
the variance explained by the entire model, including both fixed and random effects; K, number of factors (including intercept); LL, log likelihood; AICc, corrected
Akaike Information Criterion; ΔAICc, the difference between the value of each model and the model with lower AICc; AICc wi, AICc weight.
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associated with E1 and E2, and negatively associated with FC, in-
dicating that more assemblages most likely do not share species in finer
substrates, higher concentrations of total phosphorous and organic
carbon, higher turbidity and temperature, and lower transparency and
values of FC (AICc wi=1; marg. R2= 0.07; cond. R2= 0.07; Table 2).
However, these effects were not supported by the parameter estimates,
which overlapped zero (Tables 2 and 3).

The random effect of the site was negligible in the models selected
to explain the γ site representing the mean species richness within sys-
tems (marg. R2= cond. R2; Table 2). The negative effect of PC was of
primary relevance to explain γ site in the average model (RVI= 1.00;
Table 3), whereas the positive effect of E2 was not supported by the
parameter estimates (Table 3). The effect of the site was expressive in
the models selected to explain the γ site representing the total richness
(marg. R2 < cond. R2; Table 2), with the best supported model in-
cluding only that random effect (AICc wi=0.20; cond. R2= 0.44;
Table 2). The positive effect of E1 was slight and not supported by
precise parameter estimates, which overlapped zero (Table 3).

At the system level, the values of γ sys representing both the mean
species richness within subregions and total species richness were ex-
plained by two models (Table 2). In both cases, the best supported
models included only the system effect, which influenced only slightly
the γ sys representing the total species richness (AICc wi=0.28; cond.
R2= 0.06) and was negligible for the γ sys representing the mean spe-
cies richness (AICc wi=0.36; cond. R2= 0.01; Table 2). The positive
effect of DO was relevant for both measures of γ sys (RVI > 0.30;
Table 3), but that effect was supported by the parameter estimates only
for the γ sys representing the total species richness (Table 3).

The measures of γ sub were also associated with E1, E2, and FC, with
a negligible effect of the subregion (marg. R2= cond. R2; Table 2). The
γ sub representing the mean species richness within the region was
positively associated with E1, and negatively associated with E2 and
FC, but the fixed effects were negligible and not supported by the
parameter estimates (marg. R2= 0.01; Tables 2 and 3). The γ sub re-
presenting the total species richness was positively associated with E1,
E2, and FC, with all effects supported by precise parameter estimates
(marg. R2= 0.37; Tables 2 and 3). Therefore, higher values of γ sub

representing the total species richness occurred in higher values of FC,
finer substrates, and higher concentrations of total phosphorus and
organic carbon, higher turbidity and temperature, and lower trans-
parency (Table 3).

4. Discussion

The general increase in the diversity measures across the hier-
archical levels evidenced the spatial structure of diversity patterns in
the coastal ecosystems. These patterns expressed differences in the
species richness, primarily associated with the α component and the
number of species absent from assemblages, represented by the βA
component. The α component most likely reflected the increasing di-
versity of habitats available from the lower to the higher hierarchical
level, with more niche opportunities supporting richer assemblages
(Messmer et al., 2011; Heino et al., 2015). Based on the variation in the
values of the α component within the hierarchical levels, differences
regarding the habitat availability are most likely more expressive
within sites and between systems. As the habitat heterogeneity is ex-
pected to increase with the area, the higher variation of α site was most
likely associated with the limited representation of the environmental
heterogeneity covered by each sampling location within each site. In-
deed, Franco et al. (2019) observed that the structure of the fish as-
semblages and environmental conditions at the coastal lagoons con-
sidered in the present study were significantly influenced by the
sampling sites, herein pooled as the sampling locations within sites.
Evidences for the former possibility, in turn, were provided by Azevedo
et al. (2017) that observed higher taxonomic and functional distinc-
tiveness in coastal lagoons compared with bays and oceanic beaches inTa
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the study area.
The β component may express both the nestedness of assemblages,

when assemblages of depauperate sites are subsets of the assemblages
of sites with more species, and the species turnover, with the replace-
ment of species between sites (Baselga, 2012). As the biogeographical
regionalization ensures that the regional pool of species is almost the
same for the entire study area (Henriques et al., 2017; Araújo et al.,
2018), the increasing values of βA across the hierarchical levels suggests
that the species loss causing nestedness is a relevant process, especially
at the region level. This pattern reinforces the relevance of the afore-
mentioned ecological differences between the types of ecosystem.
Concurrently, as each type of ecosystem is located at a different sub-
region, the observed pattern most likely is also influenced by the geo-
graphical proximity and the dispersal limitation of species (Cowen
et al., 2006; Bender et al., 2017). It is likely that both dispersal and
environmental filters have a higher relevance at the region level (Vilar
et al., 2013), supporting a greater species loss between subregions
compared with the lower hierarchical levels.

Less expressive increases in the number of effective assemblages
that do not share species (βM) across the hierarchical levels suggest that
the species turnover also influences the diversity patterns. This possi-
bility is reinforced by the coincidence between the higher values of βM
reg and the expressive taxonomic and functional distinctiveness between
the three types of systems (Azevedo et al., 2017). Concurrently, this
provides evidences regarding the relevant roles of dispersal and en-
vironmental filters to determine also the species turnover between
subregions. Different assemblages may be dominated by the species
replacement or species loss, and may present the same species richness,
but different species compositions (Baselga, 2010). Therefore, more
accurate estimates of the relative contribution of each process must rely
on dissimilarity measures based on the species composition (Baselga,
2012; Legendre, 2014). Despite that, assuming the same species pool for
the entire study area, and that the prevalence of the species turnover is
more presumable between assemblages in geographically distant areas
or high-endemism areas (Leprieur et al., 2011; Bender et al., 2017),
differences in the species richness may provide effective tips regarding
the relative contribution of each process. Considering the higher dif-
ferences between the values of βA across the hierarchical levels com-
pared with the values of βM, the relevance of species loss most likely
increased with the hierarchical level, whereas the species turnover
presented a more proportional contribution. Likewise, the higher values
of βA reg and βM reg suggest a greater contribution of both processes at
the region level, with a more expressive effect of the species loss.

Site-scale environmental effects were more relevant to determine
the diversity patterns at the subregion level, evidencing their prevalent
roles as environmental filters to select species for the ecosystems from
the regional pool. The negligible effect of the subregion in all selected
models was most likely influenced by the natural pooling of the dif-
ferent types of ecosystem, creating a higher environmental similarity
and possibility of species sharing due to lower dispersal constraints
(Bender et al., 2017). The positive effects of the gradient of sediment
measurements (E1) on α sub and the γ sub representing the total richness,
and the gradient of water quality (E2) on the later diversity measure,
evidenced the relevance of more eutrophic conditions associated with
the continental influence to support a higher species richness, most
likely as a result of a greater variety of feeding resources (Vorwerk and
Froneman, 2009; Abrantes et al., 2015). The concurrent positive effect
of the forest cover (FC) evidenced its relevance to provide a more
complex habitat structure and the feeding resources necessary to sup-
port richer assemblages (Azevedo et al., 2017; Whitfield, 2017).

The negative effects of E1 and E2 on the values of βA sub suggest a
higher species loss within subregions with more oligotrophic conditions
resulting from the prevalent marine influence, most likely due to the
loss of freshwater and stenohaline species between systems (Franco
et al., 2019). On the other hand, the lower values of βA sub under a
higher degree of continental influence were most likely a result of the

sharing of species with different environmental affinities and tolerances
within subregions (Azevedo et al., 2017; Camara et al., 2018). The
negative effect of FC on βA sub, in turn, reinforces its relevance for the
maintenance of the higher habitat heterogeneity necessary to support
richer assemblages within subregions (Casatti et al., 2009; Whitfield,
2017), and with more species in common due to the shared regional
pool (Araújo et al., 2018). These relationships reflected the differences
between the types of ecosystems, and evidenced that the degree of
continental and marine influence is a primary determinant of the di-
versity patterns at the subregion level (Azevedo et al., 2017; Franco
et al., 2019).

A more proportional contribution of environmental effects at site
and landscape scales was observed at the system level, but also pri-
marily as a result of different degrees of marine and continental influ-
ences. The positive effect of the distance from the ocean (DO) on the γ
sys representing the total species richness per system was most likely a
result of the occurrence of species with different environmental affi-
nities and tolerances in ecosystems with more continental influence,
such as the coastal lagoons (Azevedo et al., 2017; Camara et al., 2018).
Concurrently, the negligible effect of the system evidenced the high
environmental similarity between the same types of ecosystem. The
strong effect of the system observed for βA sys, in turn, suggests relevant
differences in the species loss within different systems. These differ-
ences were primarily associated with the negative effect of E2 because
the variance explained by both fixed and random effects did not in-
crease expressively when that fixed effect was included in the model
(Table 2). Therefore, more species were absent within systems with
more oligotrophic conditions, and considering the negligible effects of
the system and the environmental conditions on βM sys, the species loss
is most likely a more determinative process for the diversity patterns
within ecosystems. In this sense, the water quality and DO are most
likely the prevalent filters to select species for ecosystems according to
their affinities to higher continental or marine influences, with richer
assemblages supported by a higher continental influence. In addition,
the negative effect of PC on α sys was most likely associated with the
relevance of that variable to determine processes of environmental
homogenization within ecosystems due to a lower variety of habitats
and feeding resources (Casatti et al., 2009).

The relevance of the environmental homogenization for the di-
versity patterns was reinforced by the negative effect of PC on γ site

representing the mean species richness. Likewise, the negative effect of
PC on βA site suggested a lower species loss within sites in increasing
values of PC, most likely also as result of homogenization processes. In
this sense, the negligible site effect and the irrelevance of environ-
mental effects on βM site suggest that the species loss was indeed the
prevalent process determining differences in the species richness within
sites. The negative effect of FC on βA site, in turn, evidenced that the
land use effects support similar environmental conditions within sites.
Therefore, considering the role of the forest cover on the maintenance
of the habitat heterogeneity (Casatti et al., 2009; Whitfield, 2017), its
conservation is of primary relevance to support richer assemblages at
the site level. The less relevant positive effect of E2 on βA site, compared
with the landscape-scale effects, evidenced a more slight influence of
more eutrophic conditions on the species loss, most likely due to the
loss of stenohaline marine species within sites (Franco et al., 2019).
These relationships summarized the primary relevance of the land use
and, to a lesser extent, the water conditions representative of the con-
tinental influence as environmental filters to select species for different
sites. The expressive effect of the site in the best supported models was
most likely associated with the existence of relevant missing environ-
mental variables as a result of the spatial heterogeneity (Teichert et al.,
2018), as well as factors at larger scales that may increase the en-
vironmental variability between more distant sites (Vilar et al., 2013).
The strong effect of the site on the variance of γ site representing the
total species richness provides a reliable evidence for these possibilities.

Contrary to the expected, the land use was more relevant to
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determine the diversity patterns at the site level, whereas the site-scale
environmental effects were more relevant at the subregion level.
Regardless of that, the site-scale environmental conditions, especially
the water quality, influenced the diversity patterns at all hierarchical
levels, most likely based on the species affinities and tolerances to the
continental and marine influences. The land use also influenced the
diversity patterns at all hierarchical levels, evidencing the relevance of
the opposite effects of FC, supporting a higher habitat heterogeneity,
and PC, leading to processes of environmental homogenization, cul-
minating in richer and depauperate assemblages, respectively. The ir-
relevance of the percentage of human settlements (HS) to determine the
diversity patterns, in turn, evidenced that the conservation degree of
the vegetal cover is the primary component of the land use effects. Also
contrary to the expected, the degree of isolation did not determined
decreases in the α component and increases in the β component at
neither hierarchical level. The relevance of DO to determine the γ sys

representative of the total species richness suggested that its effect was
most likely associated with the prevalence of continental or marine
influences on the selection of species for the different systems. That
possibility was reinforced by the aforementioned higher proximity be-
tween the same types of system, naturally pooled within different
subregions. The irrelevance of the number of estuaries closer than 5 km
(ES) for the diversity patterns, in turn, was most likely influenced by the
similar number of estuaries close to the sites and systems pooled within
the same subregions. The similar proportion of potentially available
habitats and higher probability of species dispersal within the sub-
regions most likely damped the effects of ES on the diversity patterns.

Despite the limited number of samples pooled within the hier-
archical levels, due to the spatially-replicated sampling design, the
samples are based on ecologically representative measures of the spe-
cies richness and environmental variables. Likewise, the validity of the
observed relationships is supported by the analytical framework, which
produced reliable estimates of the environmental effects by considering
the intrinsic structure of data. The GLMMs disentangled the random
effects of the hierarchical levels and seasons and the fixed environ-
mental effects (Bolker et al., 2009), whereas the information-theoretic
approach minimized the possible bias resulting from the small sampling
sizes and reduced the probability of model overfitting (Burnham and
Anderson, 2002). Therefore, the observed relationships were valid to
support reliable inferences regarding the environmental effects on the
diversity patterns.

The slight environmental effects were most likely associated with
the high environmental variability in oceanic beaches (i.e. higher sus-
ceptibility to the effects of tides, waves, and oceanic currents), which
limits the observation of patterns in a short-term perspective. In this
sense, it is possible that a greater temporal replication may reinforce the
observed relationships. Concurrently, the relevance of the site and
system effects for the diversity patterns may suggest the existence of
relevant environmental predictors not considered in the study. Based on
the environmental effects observed, it is likely that missing variables
relevant within the site and system levels are also representative of the
degrees of marine and continental influences and conservation of the
vegetal cover. We do not fully dismiss any possible relevant influence of
limitations in the sampling design on the observed relationships, but if
relevant, these effects were most likely also included in the random
effects for the hierarchical levels and season, not affecting the validity
of the environmental effects on the diversity patterns. Considering that
most of the variance in the diversity patterns was associated with nei-
ther the random nor the fixed effects included in the models, it is likely
that other factors operating at larger spatial and/or temporal scales,
such as historical contingencies and changes in oceanic currents due
unevenly rising of oceanic temperature (Leprieur et al., 2011; Magurran
et al., 2015), also influence the observed patterns.

Several recent studies support that changes in diversity patterns are
primarily associated with changes in the species composition (e.g.,
Magurran et al., 2015; Teichert et al., 2018). According to Magurran

et al. (2015), the lack of trends in local species richness may mask
expressive changes in assemblages, such as spatial homogenization.
Vargas-Fonseca et al. (2016) observed that populations of species with
different feeding strategies and habitat requirements presented dif-
ferent responses to urbanization and connectivity with estuaries.
Therefore, it is possible that stronger and more clear relationships may
emerge by considering the species identity, possibly reinforcing the
relevance of the environmental effects observed and evidencing the
relevance of other factors, such as ES and HS, for the diversity measures
based on the species richness.

Regardless of the possible limitations of measures based on the
species richness, we are not aware of other studies using a hierarchical
partitioning of fish diversity to investigate multi-scale environmental
effects on such different types of coastal ecosystems. Recent studies
focused on assemblages of coastal fishes are usually based on a single
type of ecosystem, primarily on coral reefs (e.g., Messmer et al., 2011;
Francisco-Ramos and Arias-Gonzáles, 2013; Bender et al., 2017) and
estuaries (e.g., Pasquaud et al., 2015; Henriques et al., 2017; Teichert
et al., 2018). Therefore, the relationships observed in this study are of
primary relevance to improve the understanding of the relative effects
of environmental changes on the diversity patterns of coastal fishes. A
better understanding of the assembly processes associated with coastal
fishes in tropical ecosystems is of major relevance to support imperative
conservation and management actions, and to guide experiments able
to replicate the complexity of high-diversity assemblages and in-
vestigate its relationships with ecosystem functioning, thus reducing
the lack of such information for the tropics (Clarke et al., 2017).

This study evidenced the hierarchical structure of the diversity
patterns and the scale dependence of the environmental effects mea-
sured at the site and landscape scales. The relevance of each set of
environmental variables was dependent on the hierarchical level, as
well as the diversity measure. Therefore, the observed patterns re-
inforced the relevance of decomposing the γ diversity into α and β
components and analyzing each component separately to better access
the possible mechanisms associated with the diversity patterns.
Likewise, the hierarchical diversity partitioning using different methods
(i.e. additive and multiplicative) was essential to better understand the
possible processes (i.e. species replacement or species loss) generating
the diversity patterns across the coastal ecosystems. Future investiga-
tions must benefit from including measures of β diversity based on the
dissimilarity between the species composition, as well as functional
traits and phylogenetic lineages, in order to better estimate the con-
tribution of the species replacement and gradients of species richness
for the diversity patterns (Baselga, 2012; Cardoso et al., 2014;
Legendre, 2014). These approaches may also reveal relevant temporal
effects not observed in the present study. Regardless of that, the hier-
archical approach adopted in this study provided relevant insights re-
garding the multi-scale influences of the conservation of the forest
cover and the maintenance of freshwater inputs on the fish diversity in
tropical coastal ecosystems.
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